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Abstract: Methods involving polyoxymethylene (POM) as a passive sampler are increasing in popularity to assess contaminant freely
dissolved porewater concentrations in soils and sediments. These methods require contaminant-specific POM–water partition
coefficients,KPOM. Certainmethods for determiningKPOM perform reproducibly (within 0.2 log units). However, othermethods can give
highly varyingKPOM values (up to 2 log units), especially for polycyclic aromatic hydrocarbons (PAHs). To account for this variation, the
authors tested the influence of key methodological components in KPOM determinations, including POM thickness, extraction
procedures, and environmental temperature and salinity, as well as uptake kinetics in mixed and static systems. All inconsistencies in the
peer-reviewed literature can be accounted for by the likelihood that thick POMmaterials (500mm or thicker) do not achieve equilibrium
(causing negative biases up to 1 log unit), or that certain POM extraction procedures do not ensure quantitative extraction (causing
negative biases up to 2 log units). Temperature can also influence KPOM, although all previous literature studies were carried out at room
temperature. The present study found that KPOM values at room temperature are independent (within 0.2 log units) of POMmanufacture
method, of thickness between 17mm and 80mm, and of salinity between 0% and 10%. Regarding kinetics, monochloro- to hexachloro-
polychlorinated biphenyls (PCBs) were within 0.2 log units of equilibrium after 28 d in the mixed system, but only dichloro-PCBs
achieved near equilibrium after 126 d in the static system. Based on these insights, recommended methods and KPOM values to facilitate
interlaboratory reproducibility are presented. Environ Toxicol Chem 2015;34:710–720. # 2015 SETAC
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INTRODUCTION

Regulators are increasingly recognizing that risk assess-
ments of soil and sediments should account for bioavailabili-
ty [1–3]. For hydrophobic organic contaminants, bioavailability
in soils and sediments is typically defined as the concentration
currently available for partitioning with organisms, quantifiable
as the equilibrium freely dissolved porewater concentration,
Cpw (i.e., the contaminant fraction at equilibrium completely
solvated by porewater and not associated with interstitial
colloids or dissolved organic carbon) [4,5]. This definition,
common in the passive sampling community, differentiates
bioavailability from the concept of bioaccessibility, which is the
fraction of chemicals available to organisms over some
extended period [4,5].Methods to quantify hydrophobic organic
contaminant Cpw include placing equilibrium passive
samplers such as polyoxymethylene (POM) [6–11], low-density
polyethylene (LDPE) [8,12], or polydimethylsiloxane (PDMS)
[8,13,14] in soil or sediment slurries, or placing solid-phase-
microextraction fibers in flocculated (colloid-free) porewater
samples [15–18]. An increasing number of soil and sediment
bioassays show that bioaccumulation and toxicity correlates
with Cpw more than with other measurements, including total

soil and sediment concentrations, Tenax extractions, cyclodex-
trin extractions, and supercritical fluid extractions [5,7,16].
Species investigated in such studies include the benthic
amphipods Hyalella azteca and Leptocheirus plumulosus
[14–16,18], the midgeChironomus dilutus [13], the earthworms
Eisenia fetida [7,17] and Enchytraeus crypticus [19], the
sediment worm Lumbriculus variegatus [6,9,11], and the
polychaete Neanthes arenaceodentata [8,10]. Bioaccumulation
in plants, however, has not correlated as well with Cpw as the
aforementioned species [5], likely because plants have more
complex uptake and metabolization pathways for hydrophobic
organic contaminants.

In a batch system containing biota, environmental solid
media, and the passive sampler POM, Cpw can be related to the
concentration in any of these media (Equation 1):

Cpw ¼ Cbiota

Kbiota
¼ Csolid

KD
¼ CPOM

KPOM
ð1Þ

In Equation 1, Cbiota, Csolid, and CPOM are the equilibrium
concentrations in biota, environmental solid media, and POM,
respectively, and Kbiota, KD, and KPOM are the respective
equilibrium partitioning coefficients. Thus, passive sampler
measurements can also be used to derive partitioning
coefficients to biota and environmental solids. A further
advantage of using passive samplers like POM, as well as
LDPE or PDMS, is that they can be used to determine Cpw at
levels as low as pg L�1 to fg L�1 [8,20–22]. Critical reviews for
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LDPE [12] and PDMS [23] partitioning coefficients have
been presented elsewhere; this is the first review of a broad
dataset of KPOM.

REVIEW OF KPOM DATA AND METHODS

The most typical way of using POM to determine Cpw is the
batch-mix test. In this test, a vial containing the POM, solid
media, and water are mixed (rotated or tumbled) together until
equilibrium is reached, considered to be at 28 d for most
hydrophobic organic contaminants [20,21,24] but sometimes
longer for polychlorinated biphenyls (PCBs) and diox-
ins [22,25]. Afterward, the POM strips are removed, CPOM is
quantified (by extraction followed by quantification), andCpw is
determined using a compound-specific KPOM value (Equation
1). Generally KPOM values are also determined with the batch-
mix test, with just the extra step that the Cpw must be
independently quantified. KPOM values have been measured for
polycyclic aromatic hydrocarbons (PAHs) and alkyl-
PAHs [20,24,26–31], PCBs [20,21,24,25,27,32–34], oxy-
PAHs [31], polychlorinated dibenzo-p-dioxins and -fur-
ans [35,36], polybrominated diphenyl ethers, triclosan and
methyl triclosan [37], organochlorine pesticides, and diverse
polar compounds [38].

All known peer-reviewedKPOM data for PAHs and PCBs are
plotted in Figure 1 relative to the octanol–water partitioning
coefficient for each compound,KOW (see the Supplemental Data
for raw data). Also plotted in Figure 1 is the log KPOM–log KOW

relationship derived by Endo et al. [38] for a diverse set of polar
and nonpolar compounds (Equation 2).

logKPOM ¼ 1:01� logKOW � 0:60 ð2Þ

A striking feature about Figure 1 is the scatter of some KPOM

data. For the PAHs plotted in Figure 1A, it is evident that much
of the data is clustured parallel to the KOW relationship but
others deviate, most notably when the log KOW becomes larger
than 5. As a result, literature KPOM values for PAHs with large
KOW values can differ by as much as a factor of 100 (Figure 1A).

For PCBs, the scatter can be greater than a factor of 10
(Figure 1B), with some data slightly above theKOW relationship
and other data a factor of 10 below.

This inconsistency in literature KPOM values must originate
from some methodological variation. Varying parameters in
methods used to determine KPOM include POM thickness (from
17mm [29] tomore than 2mm [28]), mixing time (from 28d [24]
to 180 d [25,36]), and POM extraction procedures (including
rotation for 2 d or more in hexane [22,32,33,35,36] or heptane:
acetone (4:1) [38], sonication in hexane:acetone (1:1) for
3 h [20,21], Soxhlet extraction for 3 h to 6 h in acetone:hexane
(1:3) [11] or methanol [20,24,26], and light agitation in acetone
followed by dichloromethane for 24 h each [27,37]). As seen in
Figure 1A, theKPOM values for PAHs that deviate the most from
Equation 2 are those derived frommethods that used cold shaking
in hexane (hex, in the figure), or light agitation in acetone
followed by dichloromethane (ace:DCM, in the figure).
Figure 1B shows that theKPOM values for the PCBs that deviated
the most were determined with POM that was 500mm thick, as
indicated in the figure by POM-500. Collectively, these data
indicate that the POM extraction method and the thickness could
explain many of the deviations that produced low KPOM values.

In the present study, we present a systematic series of
experiments in combinationwith a review of the literature to test
the hypothesis that extraction method and POM thickness can
account for the deviations in POM values observed in Figure 1.
Alternative hypotheses explored are the roles of temperature,
salinity, and exposure time (i.e., kinetics). The present study
is considered a preliminary step for the future development
of interlaboratory, standardized POM-based methods and
models [1,39].

MATERIALS AND METHODS

Polyoxymethylene

As a thermoplastic, semicrystalline polymer (of repeating
–CH2O- units), POMhas been used in diverse applications since
the early 1960s for replacing metal parts when corrosion is an

Figure 1. A compilation of peer-reviewed logarithims of polyoxymethylene (POM)–water partition coefficients, log KPOM, plotted against the octanol–water
partition coefficient, log KOW, for (A) polycyclic aromatic hydrocarbons (PAHs) and alkyl PAHs, and (B) polychlorinated biphenyls (PCBs), along with a log
KPOM–log KOW linear free-energy relation (Equation 2; dashed black line)� 1 log unit (gray lines). Citation references in the legend are Ahn et al. (2005) [28],
Cornelissen and Gustafsson (2004) [30], Cornelissen et al. (2008) [29], Cornelissen et al. (2008) [33], Jonker and Koelmans (2001) [24], Josefsson et al.
(2014) [31], Hale et al. (2010) [25], Hawthorne et al. (2009) [41], Hawthorne et al. (2011) [20], Kupryianchyk et al. (2011) [26], McDonough et al. (2008) [32],
Perron et al. (2013) [27], and Sobek et al. (2013)[36]. hex¼ cold shaking in hexane; ace:DCM¼ light agitation in acetone followed by dichloromethane.
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issue [40]. It is produced through the polymerization of
formaldehyde, and is manufactured either as a homopolymer
(POM-H) or a copolymer (POM-C). Polyoxymethylene-C has
improved dimensional and chemical stability, is much cheaper,
and sold in greater abundance than POM-H. Probably all POM
materials used as a passive sampler thus far are POM-C. In the
present study we tested 2 types of POM-C: POM-76, which uses
ethylene oxide as a copolymer (Calcon, CS Hyde), and is
manufactured as 76-mm-thick molded sheets. All other POM
materials use trioxane as a copolymer (Astrup), and were
purchased as a solid block that was lathe-cut into thicknesses of
17mm, 40mm, 55mm, and 80mm, respectively referred to as
POM-17, POM-40, POM-55, and POM-80. Note that POM-17
was the thinnest that could be sliced and remain intact after
exposure to sediment mixing.

Chemicals and sediments

The 2 uncontaminated sediments used for studying PAH
uptake into POMare referred to as Lake sediment (3.1% organic
carbon) and Coulee sediment (1.2% organic carbon; sediments
D and E, respectively, in a previous study [41]). Per test vial
(40-mL glass with Teflon-lined lids), approximately 10 g of
dry, uncontaminated sediments were spiked with 200mL of a
10-mg/mL mixed coal tar and petroleum standard (NIST SRM
1991) in pesticide-grade acetone, that is, a 200-mg/kg spike (see
the Supplemental Data for PAH concentrations). Then 30mL of
water was added with 100mL of 50mg/mL sodium azide (as a
biocide) and the samples were mixed by rotation for 72 h to
homogenize them. For the PCB kinetic test, a noncontaminated
sediment sampled near a gas plant site (2.8% organic carbon)
was spiked to 5.3mg/g (dry wt) using a 3:2mix of Aroclors 1242
and 1260, and then mixed as the coal tar–spiked sediments.
Solvent extracts were spiked with either perdeuterated PAH
internal standards [16] (Cambridge Isotopes) or PCB non-
Aroclor internal standards (PCBs 14, 30, 65, 103, and 169, from
Accustandard) [41].

Batch-mix method

Mixing batches of sediment, POM, and water for a period of
28 d to obtain equilibrium CPOM concentrations has been
recommended throughout the POM literature since the first
paper to present the technique [24]. Subsequent studies that
looked at uptake kinetics in POM have consistently reported
that 28 d of mixing is sufficient for achieving POM–water
equilibrium partitioning for PAHs and PCBs, and thus
reproducible KPOM values [20,24,31,41]. Therefore, to investi-
gate the cause of the variations in the KPOM values reported in
Figure 1, a generic 28-d batch-mix method was deemed
representative of the majority of the literature and was used
(along with appropriate modifications) to investigate systemat-
ically the influence of extraction method, POM thickness,
temperature, salinity, and kinetics.

In the generic 28-d batch-mix method, approximately 50-mg
POM pieces were cut and precleaned by sequential extraction
for 2 h in n-hexane followed by methanol with the aid of
sonication. (Hexane followed by methanol is a common choice
for cleaning POM [20,38,41].) One or more POM pieces were
placed in the glass vials containing the homogenized, spiked
sediment and water. After end-over-end rotation at 6 rpm for
28 d, the POMwas removed and the surface cleaned until it was
visibly free from sediment particles. The POM was then
extracted (see Extraction methods section below) and analyzed
using an Agilent model 5973 gas chromatograph/mass
spectrometer (GC/MS), equipped with a 60-m Agilent HP-5

MS column (0.25-mm film thickness, 250-mm internal
diameter).

Polyoxymethylene thickness

The batch-mix test above was performed with 50mg of
POM-17, POM-55, POM-76, and POM-80 in each vial, thus
ensuring that each POM thickness was exposed to identical
PAHCpw concentrations. Triplicate vials were prepared for both
types of sediment (total 24 POM strips in 6 different vials), and
mixed for 28 d at 6 rpm. The POM pieces were then removed
and extracted using acetone:hexane (1:1) with 3 h of sonica-
tion [20,21], which was found to be a quantitative extraction
procedure (see results of the Extraction methods experiments,
below).

Extraction methods

To investigate the hypothesis that cold-shaking in hexane is
not quantitative for PAHs (Figure 1), 3 strips of POM-17, POM-
55, and POM-76 were exposed to 28 d of mixing with the spiked
Lake Sediment in 9 separate vials (total 27 POM strips). Then
the POMs were removed, cleaned, and placed in a vial (40-mL
glass vial with Teflon-lined lid) and extracted using 20mL of
deuterated-PAH internal standard spiked solvent and 1 of the
following 3 techniques: 1) 48-h rotation (6 rpm) in hexane (as
described in Cornelissen et al. [29]); 2) 48-h rotation in hexane:
acetone (1:1) at (6 rpm; as described in Endo et al. [38]); or 3)
sonication for 3 h in hexane:acetone (1:1; as described in
Hawthorn et al. [20]). The POMwas removed and solvents were
evaporated under a gentle stream of nitrogen to approximately
2mL and transferred into an autosampler vial.

Temperature and salinity

The batch-mix method described above (10 g sediment,
0.05 g POM-76) was conducted in quadruplicate batches for
28 d with the Coulee sediment at 3 temperatures (4 8C, room
temperature; �22 8C, and 40 8C), with no salt added. To test
the influence of salinity at room temperature, the batch-mix
test was done 3.42% salt (corresponding to ocean water) and
10% salt, prepared with food grade sea salt. In addition, for
the temperature experiments, Cpw was also independently
measured after the POMs were removed, so that KPOM could
be determined (Equation1). The Cpw measurements were done
by isolating a few mL of water immediately after incubation
into a 40-mL glass vial, flocculating and centrifuging (twice)
at room temperature, and then placing a solid-phase-
microextraction fiber to extract PAHs for GC/MS analysis
following ASTM D7363–7 [42]. The flocculation and
centrifugation at room temperature was done as quickly as
possible, to avoid artifacts from the system reverting to
room temperature equilibrium with suspended colloids and
dissolved organic carbon.

Mixed versus static exposure

Kinetic uptake rates were determined for PCBs in static and
mixed systems. The static experiments are conducted in the
present study for the first time. The mixed experiment is a near-
repeat of that in Hawthorne et al. [21]. For PCBs, 42 sample
vials were prepared as described above (Batch-mix method)
except that a 300-mg POM-76 coupon was used. After
introduction of POM, 24 of these vials were mixed at 6 rpm,
and the remaining 18 were kept stationary. On days 3, 7, 14, 28,
42, 70, 98, and 126, triplicate vials from the mixed system were
removed, and on days 3, 7, 14, 28, 56, and 126, triplicate vials
for the static system were removed. The POM was then
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extracted using 3-h sonication in internal standard spiked
acetone:hexane as described in the Extraction methods section.

The CPOM data obtained were fitted to first-order (Equation
3) and second-order (Equation 4) [43] rate equations.

CPOM ¼ CPOM;eq � 1� e� k1ð Þt
� �

ð3Þ

where CPOM,eq is the POM concentration at equilibrium, t is
time, and k1 is the first-order rate constant (determined by the
slope of a linear regression of ln(CPOM,eq – CPOMt)¼ lnCPOM,eq

– (k1)t, where the intercept is forced at ln CPOM,eq). The second-
order rate equation [43] used is presented in Equation 4.

1

CPOM;eq � CPOM
� � ¼ 1

CPOM;eq

� �
þ k2ð Þt ð4Þ

where k2 is the second-order rate constant, and is determined
using a linear regression. For both Equations 3 and 4, CPOM,eq is
assumed as theCPOM after 128 d of shaking. Note that Equations
3 and 4 should be referred to as pseudo–first-order and pseudo–
second-order rate equations, where the term pseudo is used to
imply that the k values are not dependent on concentration but
more on the presence of sorption sites in the sorbing medium
(i.e., POM) [43].

Quantification

Quantification with GC/MS was done in selected ion
monitoring, using the molecular ion m/z for PAHs [20], and
the most intense ion at the molecular ion range for PCBs [21].
Four point calibrations were done initially, followed by daily
duplicate continuing calibrations with each sample set. Daily
calibrations had to meet the mean response of the 4-point
calibrations within 10% to 15% depending on the species. All
samples had the internal standards described above. Signal to
noise had to be >5:1, and all peaks were integrated manually.
Note that all experiments were done at a single laboratory (the
Energy and Environmental Research Center, University of
North Dakota, Grand Forks, North Dakota, USA) to ensure
that all steps were identical, and to eliminate any chance of

different procedures in different laboratories causing apparent
laboratory-biases in POM results (e.g., GC/MS calibration).

RESULTS AND DISCUSSION

Polyoxymethylene thickness

To present the data relating to PAH uptake into various
thicknesses of POM, POM-76 is used as the reference material,
as it is the most readily available and the only POMmaterial that
was molded and not lathe-cut. Figure 2 presents the CPOM

for POM-17, POM-55, and POM-80 relative to POM-76
(i.e., CPOM/CPOM-76) after the standard 28-d batch-mix test.
Corresponding raw data are presented in the Supplemental Data,
Section S1.

Polyoxymethylene-76 and POM-80 are the 2 POMs most
similar in thickness; they differ, however, in their copolymer
(ethylene oxide vs trioxane, respectively) as well as their
manufacturing processes (molded vs lathe-cut, respectively). As
is evident in Figure 2, these 2 types of POMs have nearly
identical PAH concentrations, with an average CPOM/CPOM-76

for all compounds and sediments of 0.96� 0.13 (p value
[unpaired, 1-tailed t test] > 0.05). Ratios for individual PAHs
range from 0.7� 0.1 to 1.2� 0.1, with the largest deviations
being for the 6-ring PAHs. This implies that neither
manufacturing process nor copolymer substance substantially
influences the magnitude of KPOM for PAHs.

The average CPOM/CPOM-76 for POM-55 is 1.08� 0.14,
slightly but significantly above equivalence (p¼ 0.01), with
slightly larger values for the 4,5-ring PAHs (1.25� 0.08;
Figure 2).

Ratios of CPOM/CPOM-76 for POM-17 are presented for the
Coulee sediment only, as the Lake sediment samples were
difficult to clean free of colloids (raw data for both sediments are
presented in the Supplemental Data, Table S1.1). The CPOM/
CPOM-76 values for POM-17 are 1.10� 0.16 (p¼ 0.01), again
with the largest differences for the 4,5-ring PAHS (1.26� 0.09).

The largest positive concentration deviation compared with
CPOM-76 is observed for 4,5-ring PAHs and POM-17 (maximum
40% measured for chrysene, POM-17) and the largest negative
deviation is for POM-80 (maximum 30% measured for

Figure 2. Average ratios of polycyclic aromatic hydrocarbon (PAH) concentrations in polyoxymethylene (POM) of varying thicknesses (17mm, 55mm, and
80mm) relative to 76mmPOM (CPOM/CPOM-76), along with standard deviations (error bars), after placing all 4 thicknesses into jars of coal, tar/petroleum-spiked
sediment and water and shaking for 28 d (n¼ 6, except for 17mm POM, where n¼ 3).
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indeno[1,2,3-cd]pyrene, POM-80). These differences are small
for most practical purposes (i.e., within 0.2 log units), although
they could indicate that the thicker POMs did not come into
complete equilibration with PAHs larger than chrysene. We
conclude that only slight differences in CPOM (andKPOM) result
when POM thicknesses range from 17mm to 80mm, as well as
when molded POM (with ethylene oxide copolymer) is used
versus lathe-cut POM (with trioxane copolymer).

Extraction method

It is hypothesized that extracting POM by cold shaking in
hexane will lead to lowerKPOM values for PAHs than from other
extraction methods. Thus experiments were designed to
compare 48-h rotation in cold hexane with more aggressive
techniques (48-h rotation in hexane:acetone, 3-h sonication in
hexane:acetone), considering various PAHs and POM thick-
nesses (POM-17, POM-55, and POM-76). Note that 3 h of
sonication was confirmed to be quantitative, as an additional
18 h of sonication in fresh solvent resulted in <1% additional
removal of all PAHs for all thicknesses, confirming similar
results from a previous study by an independent comparison
with Soxhlet extraction [20]. The results are presented in
Figure 3 as CPOM ratios, with the CPOM determined by the
hexane:acetone sonication technique in the denominator (raw
data are presented in the Supplemental Data).

As is evident from Figure 3A, for all thicknesses the 48-h
rotation with cold hexane:acetone gives the same recoveries as
3 h of sonication with hexane:acetone, with an average of
0.99� 0.07 (p> 0.05). However, this is clearly not the case for
the 48-h hexane rotations shown in Figure 3B, which exhibit
increasingly smaller CPOM ratios with increasing POM
thickness and PAH size, and an average of 0.55� 0.28
(p< 0.0001).

Evidently, extraction by shaking in cold hexane appears to be
an insufficient method for the extraction of PAHs from POM.
Therefore, PAH KPOM values in the literature derived with this
technique [29,30] are consistently low compared with KPOM

values determined using other extraction techniques. Note that
studies that used shaking in cold hexane or heptane report<3%

additional PAHs being released [29,30], even after 10 d of
subsequent shaking, indicating that the method is reproducible.
It is likely that more aggressive extractions with hexane (e.g.,
Soxhlet) may be quantitative, but this was not tested in the
present study. The only other extraction technique in the
literature to give deviating KPOM results for POM-76 was
sequential acetone–dichloromethane extraction on an orbital
shaker with light agitation [27] for PAHs larger than pyrene
(Figure 1). Insufficient information is available to account for
this method’s deviation.

Regarding PCBs, extractions with cold hexane [33] as well
as acetone–dichloromethane [27] result in KPOM values that are
similar to those from other extraction techniques in the literature
for POMs of 17mm to 76mm thickness, indicating that PCBs
are easier to extract from POM than PAHs. Because POM and
PAHs have some polarity, albeit weak, apolar hexane may be
insufficient for PAH extraction but not PCB extraction. Solvents
and methods that are able to sufficiently wet (i.e., saturate) the
POM are needed to displace PAHs. However, as PCBs are more
apolar and have large chlorine substituents (and thus requiring
large cavity formation energy), the POM does not have to be as
wetted to displace PCBs. Dioxin KPOM values were also
determined using shaking in cold hexane in 2 different
studies [35,36]. As elaborated in the Supplemental Data,
Section 2b, it appears that hexane is a poor solvent for extracting
dioxins, unless POM-17 is used along with an extended
extraction time (96 h).

Diffusion rates of hydrophobic organic contaminants
like PAHs into POM are relatively slower than other
passive samplers [28,44], indicating that relatively more
aggressive extraction techniques are needed to remove the
hydrophobic organic contaminants from POM than LDPE
and PDMS. We conclude that shaking in cold hexane (and
other alkanes) is not recommended to extract PAHs from
POM, and that in general polar solvents (e.g., hexane:
acetone, methanol, acetonitrile) and aggressive techniques
are recommended (e.g., sonication or Soxhlet). Solvents not
considered in the present study should be tested for
extraction efficiency.

Figure 3. Ratios of polyoxymethylene (POM) concentrations, CPOM, for various polycyclic aromatic hydrocarbons (PAHs) and POM thicknesses (17mm,
55mm, and 76mm) after preloading the POMwith identical concentrations of PAHs and varying the extraction technique. (A) Extraction by 48-h rotation in cold
hexane:acetone (1:1) is compared with 3 h of sonication in hexane:acetone. (B) Extraction by 48-h rotation in cold hexane is compared with 3 h of sonication in
hexane:acetone (1:1).
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Temperature and salinity

For the temperature study both CPOM-76 and Cpw were
measured. Figure 4A presents measuredCPOM at 4 8C and 40 8C
relative to room temperature or PAHs that fulfilled the 5:1 signal
to noise criteria. Temperature had a negligible influence on Cpw

for quantifiable PAHs, with Cpw(4 8C)/Cpw (room temperature)
¼ 1.09� 0.15 and Cpw(40 8C)/Cpw (room temperature)¼ 0.97
� 0.07 (Supplemental Data, Table S3.1), which is expected
because of the previously reported slight effect of temperature
on sediment–water partitioning, generally within a factor 1.5
over a change of 20 8C [45,46]. Raw Cpw, CPOM, and derived
KPOM data (Equation 1) are presented in the Supplemental Data,
Section S3.

As is evident in Figure 4A, the influence of temperature on
CPOM is substantial and depends on PAH size. At 4 8C, resulting
CPOM-76 values are smaller than room temperature values by
approximately a factor of 2 for the 2,3-ring PAHs, and a factor 3
for the 4-ring PAHs (CPOM values for larger PAHs were below
detection limits). At 40 8C,CPOM-76 values ranged from a factor
of 1.5 smaller than room temperature for the 2,3-ring PAHs to a
factor of 1.5 larger for the 4-ring PAHs.

This observed temperature-dependent behavior is different
from that generally observed for PAHs in liquid solvent–water
partitioning systems. In such systems a negligible to slight
increase in solvent concentrations (or K values) occurs as
temperature decreases [47,48]. Two hypotheses to account for
the deviating trend are observed in the present study. First,
experimental kinetic artifacts originating from the 28-d shake
test could be insufficient for equilibrium to be reached at 4 8C in
the sediment–water–POM system and possibly at room
temperature for the largest PAHs. An alternative hypothesis
is that the solubility and diffusion in the POM or sediment
material changes as amorphous subdomains crystalize with
decreasing temperature. Isolating which of these hypotheses (or
experimental artifacts) best accounts for the data in Figure 4A is
not possible because of the limited amount of data. In the
Supplemental Data, Section S3, we discuss these hypotheses in
more detail, including implications for derived enthalpies of
POM–water phase transfer, for the purposes of developing a
follow-up study. Such a study may be relevant not only for
passive sampling, but also for a better understanding of the fate

and transport of microplastics. It is worth noting that similar
unexpected temperature effects for PAH sorption to the LDPE
(another semicrystalline polymer) have occasionally been
observed previously. Booij et al. [49] reported increasing
KLDPE with temperature for 5-ring PAHs and some PCBs from
13 8C to 30 8C. However, for most PAHs and PCBs, Booij
et al. [49] reported the expected trend that partitioning into
LDPE increases slightly with decreasing temperature [12].

Regardless of the mechanism, we can conclude that the
influence of temperature is similar in magnitude to other passive
samplers, being within a factor of 2 per 10 8C [12,23]. As all
literature KPOM data were for room temperature, it is unlikely
that minor temperature fluctuations, between a range of 15 8C to
30 8C, accounted for the deviations observed in Figure 1. The
influence of temperature outside this temperature range should
be investigated in more detail before experiments are conducted
at such temperatures, as in field studies.

In contrast to temperature, salinity had little effect on CPOM

values (Figure 4B and Supplemental Data, Section S4), with
the PAH concentration data being significantly similar to
1.0� 0.1 (p> 0.05) regardless of salt concentration. Water
solubility of PAHs is known to be marginally affected by salt
concentration (e.g., in the order of 10% for naphthalene
between pure water and seawater) [47,50]. Thus, any effect of
differences in KPOM between freshwater and seawater would
be similar to that observed for water solubility (<0.2 log
units), and thus negligible and within the current limit of
analytical precision for hydrophobic organic contaminants;
accounting for these minor differences could be done by
use of Setschenow (or salting-out) coefficients [50]. A
similar finding was reported for the influence of salinity on
LDPE–water partitioning [12].

Kinetics

Kinetic uptake data are presented in the Supplemental Data,
Section S5, with an overview for 3 of the PCBs (out of 54
measured) presented in Figure 5. When the data below are
interpreted, it is important to note beforehand that uptake
kinetics are dependent on the sampler:sediment weight ratio, in
that an increasing weight ratio will lead to an increase in uptake
kinetics [51]. Thus, the observations apply mainly to the weight

Figure 4. (A) Ratios of 76-mm thick polyoxymethylene (POM)–water partition coefficients, CPOM-76, measured at 4 8C and 40 8C compared with room
temperature (RT) and 0% salt for selected polycyclic aromatic hydrocarbons (PAHs). (B) Ratios of 76-mm-thick POM concentrations at equilibrium, CPOM-76,
measured at 3.42% and 10% compared with 0% salt (at room temperature).
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Figure 5. Degree of equilibrium of selected polychlorinated biphenyls (PCBs) from contaminated sediments into POM-76 at various time intervals under mixed
(A and B) and static (C–F) conditions. (A and B) Measurements in a continuously mixed system compared with a first-order kinetic model (A; Equation 3) and
second-order kinetic model (B; Equation 4). (C and D) Measurements from a static system compared with a first-order kinetic model and (C; Equation 3) and a
second-order model (D; Equation 4). (E and F) Also measurements from the static system, but fit kinetic models from days 7 to 126 for the first-order model (E)
and days 3 to 126 for the second-order model (F).
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ratio used in the present study (300mg POM to 10 g of 2.8%
organic carbon sediment).

Mixed system

The observed uptakes of the mono-tetrachloro-PCBs,
pentachloro-PCBs, hexachloro-PCBs, heptachloro-PCBs, and
octachloro-PCBs into POM after 28 d of mixing are greater than
80%, 75%, 67%, 61%, and 55% of equilibrium, respectively
(Supplemental Data, Table S5.1). This indicates slower uptake
than observed in Hawthorne et al. [21] using a similar sampler:
sediment weight ratio (although a different sediment), in which
all PCBs (including the octachloros) were within 80% of
equilibrium after 28 d. The reason for the slower uptake
observed in the present study could be slower desorption from
the less available subdomains of the sediment. Nevertheless,
these differences are considered minor as they are well within
0.2 log units (66% equilibrium, which we consider an
acceptable margin of error), except for the hepta- and
octochloro-PCBs. However, large PCBs are generally minor
contributors to total Cpw from Aroclor–PCB mixtures [21]. The
fact that hydrophobic organic contaminants with large KOW

values did not come to equilibrium may contribute to the
flattening of log KPOM–log KOW relationships for large PBDEs
in POM-76 [37] and to a minor extent for octachloro-PCBs in
POM-76 [21] (Figure 2). When POM-76 is used for compounds
with a KOW > 7, this may cause some discrepancies between
POM-76 and thinner POM materials. For very large hydropho-
bic organic contaminants, longer equilibration times or thinner
materials may assist in promoting equilibrium. Greater sampler:
sediment weight ratios are not recommended to speed up
kinetics, because of the possibility that this will cause enough
depletion to disturb the equilibrium regime. More rapid mixing
speeds may also help, but as the uptake is probably membrane
controlled, effects are likely to be minor. Identifying the
influence of mixing speeds on sorption kinetics is recommended
for future work.

The uptake of 54 PCBs into POM-76 could be described with
similar success using the first-order or second-order uptake
model (Supplemental Data, Table S5.2). For the first-order
model, R2 varied from 0.82 to 0.98 (average 0.89, n¼ 54); for
the second-order model, R2 varied from 0.79 to 0.99 (average
0.91, n¼ 54). Diffusion coefficients into POM could not be
estimated in the present study, as most equations for deriving
diffusion coefficients require constant external (porewater)
concentrations, which was not the case in the present study. Ahn
et al. [28] reported a POM diffusion coefficient for pyrene (1.5
E-11 cm2 s�1). Rusina et al. [44] measured hydrophobic organic
contaminant uptake for POM using 1-d exposure times, and
found slower uptake in POM than in polyethylene or silicon
samplers, but could not quantify the POM uptake. Thus, future
work is needed to measure POM diffusion coefficients.

We did not include POM-500 (500mm thick) in the present
study. However, based on the PCB KPOM values for POM-500
(Figure 1B) that are consistently smaller than for 17mm to
76mm POM, and considering that extraction methods used in
the literature for POM-500 were aggressive (including Soxhlet
with methanol), it is likely POM-500 does not reach true
equilibrium after 28 d of mixing. The reported appearance of
equilibrium after 28 d [24] may be a consistently occurring
pseudo-equilibrium (e.g., equilibrium occurring within the
outer subdomain), within analytical reproducibility limits,
which would allow for reproducible KPOM-500 values, but for
values that are smaller than the KPOM of thinner materials
(Figure 1B).

Static system

For the static system (Figure 5C and D), uptake was, as
expected, much slower than for the mixed system [52,53]. After
28 d, 10% to 48% equilibrium was achieved for the different
congeners, with the percentage uptake decreasing with
increasing chlorination. After 126 d, the percentage uptake
was from 72% to 84% for the dichloro-PCBs, from 41% to 58%
for the trichloro-PCBs, from 29% to 45% for the tetrachloro-
PCBs, from 19% to 30% for the pentachloro-PCBs, from 17% to
26% for the hexachloro-PCBs, and from 15% to 21% for the
heptachloro- and octachloro-PCBs.

Neither the first-order rate equation (Equation 3 and
Figure 5C; R2¼ 0.55–0.89, average 0.74) nor the second-order
rate equation (Equation 4, Figure 5D; R2¼ 0.68–0.98, average
0.82) described uptake in the static system for the 54 PCBs as
well as the mixed system. In addition to uptake into the sampler,
the diffusion of PCBs from the sediment must be considered,
especially increasing travel distances and travel times as the
PCBs near the sampler become more depleted [52–54]. Closer
inspection of the data indicated that static uptake rates slowed
down rapidly 3 d to 7 d after initial exposure. Thus, the first-
order model fit the data much better when only the data from
day 7 to day 126 were considered (R2¼ 0.89–0.99, average
0.96), and the second-order model fit better with data from day 3
to day 126 (R2¼ 0.83–0.98, average 0.92). Considering
previous research on static systems [52–54], it is likely that
in the initial time step, rapidly available PCBs in the porewater
are taken up by the POM, and following this, slow desorption
from the sediments takes place.

A better understanding of POM uptake in the static system,
similar to previous research for LDPE [52–54], would be useful
for developing POM for field applications, which is outside the
goal of the present study, although this issue has been
investigated elsewhere. More studies on the use of performance
reference compounds to measure uptake and desorption kinetics
would be useful. Oen et al. [55] spiked POM-17 with PCBs, and
then placed them in a tidal flat sediment; depletion of spiked
PCBs generally stopped after 100 d, even though only 20% to
70% of the spike remained in the POM, giving the appearance of
a pseudo-steady state. Kinetic uptake rates reported by Oen
et al. [55], as well as those measured in open harbor waters [29],
appear to be closer to the mixed data than to the static data,
owing to mixing of water surrounding the POM and direct
contact with contaminated particles.

A more thorough analysis of uptake kinetics in POM and
other passive samplers in static or field settings is recommended
for future research, particularly the occurrence of faster kinetics
during the initial time steps, which may be important, for
instance, when results from performance reference compounds
are interpreted [55,56]. We anticipate that based on work
available thus far on the diffusion of PAHs into diverse passive
sampling materials [44], equilibriumwill occur most rapidly for
PDMS, then for LDPE, and then for POM.

Consistent KPOM

All inconsistencies regardingKPOM values in the literature, as
summarized inFigure 1, canbe accounted for by removingvalues
obtained with POM-500 as well as values in which the POMwas
not extracted completely (e.g., when the extract method was cold
shaking in hexane, heptanes, or alternatively, acetone:dichloro-
methane with light agitation). When these data are removed, log
KPOM values for PAHs and PCBs are consistent across the
literature on average by 0.15 log units for a given compound.
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It should be emphasized that this does not imply that the
methods leading to deviating KPOM are not reproducible, nor
does it imply that the derived Cpw and bioavailability assess-
ments made with these methods are incorrect. Provided that
CPOM and the relevent KPOM values were determined following
the exact same experimental protocols, following Equation 1, all
experimental biases in the CPOM and KPOM measurements
would cancel out. Problems arise when CPOM and KPOM are
determined by inconsistently performing methods. Until the
establishment of good laboratory practice protocols for POM, to
ensure consistency in all steps across laboratories and to prevent
inappropriate KPOM values from being used, we recommend the
following methods for consistency.

Material and sediment mixing time

All POM-C materials (with ethylene oxide or trioxane as a
copolymer) from 17mm to 80mm in thickness are suitable,
regardless of whether they are commercially produced or lathe-
cut. Practical issues are that POM-17 is more difficult to clean

when used with colloid rich-sediments, and thus artifacts from
fouling cannot be ruled out (as is sometimes observed with
PDMS [57]). Also, POM of 55mm and thicker may not come
into equilibrium for hydrophobic organic contaminants with log
KOW > 7 in the typical 28-d mixed exposure.

Extraction method

Solvents capable of wetting POM, such as mixed acetone:
hexane, appear sufficient to recover hydrophobic organic
contaminants quantitatively, whether using a 48-h rotation,
3 h of sonication, or Soxhlet. Other polar solvents (e.g.,
methanol) are likely also suitable provided the extraction
technique is aggressive enough. New methods should be
validated.

Temperature and salinity

PublishedKPOM values apply to a temperature range of 15 8C
to 30 8C (i.e., regular fluctuations of laboratory temperature).
Field sampling at lower and higher temperatures may

Figure 6. A compilation of literature polyoxymethylene (POM)–water partition coefficients, KPOM, measured with the recommended methodological
procedures mentioned in the present study, along with the generic log KPOM–log KOW relationship (Equation 2) [38] for (A) polycyclic aromatic hydrocarbons
(PAHs) and alkyl-PAHs, (B) polychlorinated biphenyls (PCBs), (C) other hydrophobic organic compounds (HOCs), and (D) polar compounds and volatile
organic compounds (VOCs). Citation references include Cornelissen et al. (2008) [33], Endo et al. (2011) [38], Josefsson et al. (2014) [31], Hawthorne et al.
(2009) [41], Hawthorne et al. (2011) [20], Kupryianchyk et al. (2011) [26], Perron et al. (2013) [27], Perron et al. (2013b) [37], and Sobek et al. (2013) [36].
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require temperature-specific KPOM values currently not avail-
able. Salinity effects are negligible in most natural waters,
although if desired can be accounted for with a salting-out
correction [50].

Best available KPOM

Literature KPOM for hydrophobic organic contaminants,
including PAHs, PCBs, dioxins, PBDEs and organochlorine
pesticides, triclosanes, and diverse polar and volatile organic
compounds that fulfill these recommendations are plotted in
Figure 6 and presented in the Supplemental Data, Section S5.
Some of the scatter that remains in this figure is because of the
limitations of the log KPOM–log KOW relationship (Equation 2),
and alternative models should be considered for estimating
KPOM values [38].

SUPPLEMENTAL DATA
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